Abstract One of the primary reasons for the decline of some bumblebee species has been habitat loss and fragmentation through land use change. Habitat fragmentation can limit connectivity between populations and gene flow between bumblebee populations can be limited by open water and human altered landscapes, however the influence of landscape features on gene flow has only been examined in non-declining species. The ruderal bumblebee, Bombus ruderatus, was successfully introduced to and is now relatively common in New Zealand, providing an opportunity to examine the biology of a species that is now rare in its native range in the UK. In this study, we examine the genetic structuring of B. ruderatus populations in the South Island of New Zealand and we demonstrate that a relatively simple classification of the landscape, into either good or poor foraging habitat at coarse resolution (800 m 2 ), can predict levels of gene flow. We found populations of B. ruderatus as far apart as 160 km showing no significant genetic differentiation. However, this level of gene flow appears to be reliant upon continuous suitable habitat, as other populations \100 km apart were found to be significantly differentiated. These results suggest that corridors of continuous habitat are required to facilitate gene flow over large distances for this species.
Introduction
Among the approximately 250 species of bumblebees (Bombus) worldwide (Cameron et al. 2007) , it is apparent that some species have declined in both local abundance and/or geographic range (Goulson et al. 2008; Williams and Osborne 2009; Cameron et al. 2011; Dupont et al. 2011; Bommarco et al. 2012 ). According to the European Red List of Bees, 23.6 % of European Bombus species are threatened with extinction and 45.6 % are in decline (Nieto et al. 2014) . Bumblebees are important pollinators of many wild plants (Goulson 2003; Goulson et al. 2008) , and are additionally used as pollinators of several commercial crops including kiwi fruit (Actinidia deliciosa), blueberries (Vaccinium corymbosum) and both red and white clover (Trifolium pratense, T. repens) (Howlett and Donovan 2010) .
One of the primary reasons for the decline of bumblebees in Europe has been habitat loss through land use change associated with increasing agricultural intensification (Goulson et al. 2008; Williams and Osborne 2009 ). Changes to the agricultural landscape are likely to have similarly influenced bumblebee declines in North America (Grixti et al. 2009 ) and Asia (Xie et al. 2008) . A reduction in the use of leguminous crops such as red clover in agricultural landscapes, as well as removal of hedgerows and unmanaged field margins has led to a reduction in the availability of floral resources in these habitats (Goulson et al. 2005; Carvell et al. 2006) . Differences in the availability of floral resources associated with landscape structure are correlated with bumblebee species richness and Electronic supplementary material The online version of this article (doi:10.1007/s10592-016-0816-7) contains supplementary material, which is available to authorized users.
abundance (Diaz-Forero et al. 2013) , nesting densities (Herrmann et al. 2007; Goulson et al. 2010) , colony productivity (Williams et al. 2012 ) and foraging behaviour (Carvell et al. 2012; Jha and Kremen 2013a) . In addition, increasing urbanisation associated with a greater area of impervious surfaces has been correlated with lower bumblebee species richness (Ahrné et al. 2009 ) and colony density (Jha and Kremen 2013a) .
Changes to the landscape can also influence connectivity between populations, with physical distance between populations and barriers to dispersal often used to predict patterns of gene flow (Manel et al. 2003) . This information can then be used to inform conservation management of species where habitat fragmentation is detrimental to population persistence (Manel et al. 2003; Segelbacher et al. 2010) . As haplodiploid organisms, bumblebees can be particularly susceptible to genetic factors influencing population persistence due to low effective population sizes (Chapman and Bourke 2001; Packer and Owen 2001; Zayed 2009 ). The effect of inbreeding on haplodiploid species is expected to be additionally detrimental because homozygosity at the sex-determining locus causes fertilized eggs to develop into sterile diploid males instead of workers or queens (Cook and Crozier 1995; Packer and Owen 2001; Zayed et al. 2004; Zayed 2009 ).
Stable bumblebee species tend to exhibit non-significant levels of genetic differentiation across large distances (1000 km) over land in Europe (Estoup et al. 1996; Ellis et al. 2006) , the USA New Zealand (Schmid-Hempel et al. 2007) . In contrast several studies have found that bumblebee species in decline have lower levels of genetic diversity and greater levels of differentiation between populations than species that are stable Ellis et al. 2006; Charman et al. 2010; Cameron et al. 2011; Lozier et al. 2011) . The effect of landscape features on gene flow between populations has been tested in several non-declining bumblebee species, for example barriers include large bodies of water (Estoup et al. 1996; Tokoro et al. 2010; Goulson et al. 2011; Jha 2015) , agriculture (Jha 2015) and urban areas (Jha and Kremen 2013b; Jha 2015) . However, because species in decline tend to have become restricted in range and abundance, conducting large scale genetic surveys to assess the influence of landscape on gene flow over large distances would be very difficult in some cases where the distribution of that species has declined considerably.
The successful colonisation and spread of European bumblebees in New Zealand provides an excellent opportunity to examine the biology of species that are now rare in the UK, providing important information for the conservation of these species in their native range (Goulson and Hanley 2004; Lye et al. 2010 Lye et al. , 2011 . Four bumblebee species, including Bombus ruderatus (the ruderal bumblebee), were introduced to the Canterbury region of New Zealand from the UK in 1885 and 1906 for the pollination of red clover (Hopkins 1914; Macfarlane and Gurr 1995) . Macfarlane and Gurr (1995) describe B. ruderatus, as widely distributed throughout both the South and North Islands. The distribution of B. ruderatus in the central South Island appears to have reduced since the first survey (Goulson and Hanley 2004) , although it remains locally abundant in the Mackenzie District and in Central Otago . Bombus ruderatus has undergone a significant reduction in its distribution in the UK post 1960 (Williams 1982) and was listed as a priority species in part of the UK Biodiversity Action Plan (BRIG 2007) .
The aim of the present study was to assess the importance of landscape in determining the genetic structure of B. ruderatus populations in the South Island of New Zealand using microsatellite markers and resistance models. There was no significant genetic structuring among populations of the more common B. terrestris on the South Island spanning distances up to 450 km (Schmid-Hempel et al. 2007 ). As B. ruderatus is no longer present in some areas on the South Island (Goulson and Hanley 2004) , we predict that there will be greater levels of genetic structuring on the South Island compared to levels observed for B. terrestris. Combined with evidence that this species is heavily reliant upon a small number of introduced plant species as a food resource in New Zealand (Goulson and Hanley 2004; Lye et al. 2010) , we predict that including landscape variables will improve models that predict gene flow for this species. This information can then be used to inform conservation management of B. ruderatus in its native range.
Materials and methods

Sample collection
Sampling of B. ruderatus workers was conducted at seven locations on the South Island (Fig. 1) ; Nelson (Brightwater), Lake Tekapo, Twizel, Waitaki River, Queenstown, Wanaka (Glendhu Bay) and Alexandra. Samples were collected from Queenstown and Lake Tekapo in January 2012 and were collected from the remaining sampling locations in January 2013. All of the sampling was conducted between 08:00 and 15:00 and only in weather favourable for bumble bee activity. Sites were selected based upon the presence of suitable forage for bumble bees and each site comprised of an area of wild flowering plants situated in rough pasture or along either a lake or a roadside margin (Goulson and Hanley 2004) . At each site B. ruderatus workers were collected (Table 1) as they were foraging and a tentative identification was made by close visual inspection. Workers were then euthanized and leg tissue was taken from each individual and stored in 99 % ethanol for DNA extraction. As B. ruderatus is cryptic in colouration with B. hortorum and B. subterraneus, species identification was confirmed using a PCR based method described in Stewart et al. (2010) .
DNA extraction and microsatellite amplification
DNA extraction was performed using Chelex Ò 100-resin using the tarsus and tibia from the right side middle leg of each individual. Individuals were genotyped at eight microsatellite loci: BT01, BT08, BT10, BT13, BT26, BL11, BTERN01 and BTERN02 (Reber Funk et al. 2006) . Amplification took place in 15 ll Polymerase Chain Reactions (PCR) containing 0.5 ll DNA extract and 14.5 ll master mix that consisted of 1X NH4 Buffer, 2 mM MgCl 2 , 0.08 mM dNTPs, 0.3 lM of each primer (the forward primer for each locus was fluorescently labelled with either 6-FAM, VIC, NED or PET (Applied Biosystems)), 0.6 U BioTaq TM (Bioline) and ddH2O. The PCR protocol involved an initial denaturing step at 95°C for 12 min, Fig. 1 followed by 10 cycles of denaturing at 94°C for 15 s, annealing at (locus dependent, Table 2 ) Ta°C for 30 s and extension at 72°C for 30 s, followed by 30 cycles of denaturing at 89°C for 15 s, annealing at (locus dependent) Ta°C for 30 s, extension at 72°C for 30 s, then a final extension of 72°C for 10 min. Samples were prepared for genotyping by combining 0.5 ll of PCR product with 12 ll HiDi Formamide and 0.3 ll of internal size standard 500 LIZ Ò (GeneScan TM ), then denatured at 95°C for four minutes. The PCR products were genotyped on an ABI 3130xl capillary sequencer (Applied Biosystems). Genotypes were determined manually and visualised using the software GENEMARKER (SoftGenetics LLC).
Data analysis
Identification and removal of sibling workers
The program COLONY (Jones and Wang 2009) , was used to assign individuals from each sampling location into colonies, from which one representative was chosen at random from each colony for subsequent analyses. The COLONY program uses maximum likelihood methods to assign sibling-to-sibling relationships while taking into account genotyping error and has been found to be the most reliable program for inferring family structure in bumblebees (Lepais et al. 2010) . The software was run with the settings for haplodiploid species with 10 runs per population and genotyping error was set at 2 % (allele drop out 0.5 % and other 1.5 %). Oosterhout et al. 2004 ) was used to test for the presence of null alleles. ARLEQUIN (Excoffier and Lischer 2010) was used to test for linkagedisequilibrium (LD) between pairs of loci, and for deviations from Hardy-Weinberg equilibrium (HWE) for each locus. Standard measures of genetic diversity, expected heterozygosity (H E ) and allelic richness (AR) were calculated using ARLEQUIN. Genetic differentiation (F ST ) and the inbreeding coefficient (F IS ) (Weir and Cockerham 1984) were determined using an AMOVA with 1000 permutations implemented in ARLEQUIN. Pairwise genetic differentiation between populations was estimated using F ST (Weir and Cockerham 1984) and tested for significance with 1000 permutations in ARLEQUIN. All F ST values were then corrected for within population variation by calculating F' ST (actual F ST divided by maximum F ST ) following (Meirmans and Hedrick 2011) in GENODIVE (Meirmans and van Tienderen 2004) . False discovery rate (FDR) correction for multiple tests was used to minimize type I errors whilst retaining statistical power when compared to the Bonferroni correction method (Narum 2006) . STRUCTURE (Pritchard et al. 2000) was used to determine population structure with Bayesian cluster analysis. The admixture model (Falush et al. 2003 ) was used and the analysis was run with prior location information to assist the clustering when population structure is weak, as recommended by (Hubisz et al. 2009 ). This was run using the admixture model with correlated allele frequencies with the number of clusters (K) varying from 1 to 7, as 7 is the number of sampling sites, with 15 runs for each K value, the burn in set to 10,000 with 50,000 Markov Chain Monte Carlo repetitions. STRUCTURE HAR-VESTER (Earl and vonHoldt 2012) was used to visualize the results and determine the number of populations using both mean likelihood (L'(K)) and Delta K (Evanno et al. 2005) methods.
Population genetic parameters and structuring
MICRO-CHECKER (van
Spatial pattern of genetic structure
A Mantel test (Legendre and Legendre 1998 ) was implemented in GENODIVE with 1000 permutations to test for the pattern of isolation by distance (IBD), assessing the correlation between physical distance and genetic differentiation (pairwise F ST ) between populations. A significant positive relationship between F ST and physical distance is most likely to occur if populations are separated by a homogeneous landscape (with respect to landscape features that can influence dispersal), so that the level of genetic differentiation is driven mostly by the physical distance individuals need to move between populations. Therefore, to assess the potential influence of landscape factors on gene flow in the South Island where bumblebee habitat is not continuous, CIRCUITSCAPE was used to compute pairwise resistance between sites using circuit theory (McRae 2006) . Data were obtained from two maps covering approximately 100,000 km 2 in the central South Island; NZLRI Vegetation Cover and NZDEM South Island 25 m (Landcare Research NZ Ltd), both downloaded from the LRIS portal (http://lris.scinfo.org.nz). Using ARCGIS, a resistance value was assigned to each cell in a 250 9 300 grid based upon the landscape data (Fig. 1) . The first resistance map was created to assess the influence of elevation with a resistance value of 1 ? (altitude/100) assigned to each cell as used by Goulson et al. (2011) . We used this method and avoided binning the altitude data into ranges as this can lead to bias by introducing artificial boundaries (Cushman and Landguth 2010; Zeller et al. 2012) . Whilst Bombus species are considered to be alpine adapted, there is some evidence that the Alps in Europe have acted as a barrier to gene flow for B. pascuorum (Widmer and Schmid-Hempel 1999) . A second resistance map was created to assess the influence of habitat type. The NZLRI Vegetation Cover map uses data collected from surveys conducted between 1973 and 1988 and contains 54 land cover categories, of which 37 were present in the study area. These were condensed into two categories: poor habitat (included all native vegetation and urban areas) was assigned a value of 20 and good habitat (included cropland, non-native grassland, non-native scrub, and river and lake areas) was assigned a value of 1 (Table S1 ). Assignment of habitat type was based upon habitat preference for B. ruderatus in New Zealand (Goulson and Hanley 2004; Goulson et al. 2006) . Areas of ocean were impassable on both maps.
Pairwise resistance values were then computed in CIR-CUITSCAPE using the pairwise iteration model with an eight neighbour connection scheme. As partial Mantel tests have been found to have an inflated type I error rate (Balkenhol et al. 2009; Guillot and Rousset 2013) , both the Principle Coordinates of Neighbour Matrices (PCNM) (Dray et al. 2006 ) and multiple regression of distance matrices (MRDM) (Legendre et al. 1994 ) methods were used to test for isolation by resistance (IBR), assessing the correlation between pairwise resistance distances and F ST following the recommendation of Balkenhol et al. (2009) to use a combination of analyses. Both analyses were conducted in R (R Core Development Team 2008). The MRDM method was performed with the package ''ecodist'' (Goslee and Urban 2007) using 1000 permutations. The PCNM method was performed with the packages ''vegan'' (Oksanen et al. 2015) and ''PCNM'' (Legendre et al. 2013) testing for correlation using redundancy analysis (RDA).
Results
Genetic diversity, HWE and linkage disequilibrium
A total of 224 individuals were genotyped for eight loci. Following removal of sibling workers the remaining analyses were conducted with a total of 150 individuals (Table 1) . One locus (BT13) was significantly out of HWE at four out of the seven sites and was therefore excluded from further analyses. The remaining loci did not show any significant deviation from HWE across any of the sites (BT10 & BL11) or showed significant deviation from HWE at only one location (BT01, BT08, BT26, BTERN01, BTERN02). The remaining loci also showed no significant linkage disequilibrium across multiple sites, therefore all of these markers were retained. MICRO-CHECKER detected the potential presence of a null allele in 3 out of 49 tests (Queenstown BT08, BL11 and Alexandra BTERN01). Overall levels of genetic diversity were moderate with average allelic richness at 4.88 (±1.65), ranging from 3.14 (±1.06) to 5.86 (±2.27) and average H E across sites at 0.633 (±0.126), ranging from 0.656 (±0.122) to 0.562 (±0.120). The overall F IS value was low but significant (F IS = 0.07, P \ 0.001). Two of the populations showed significant levels of inbreeding, Queenstown (F IS = 0.25, P = 0.007) and Alexandra (F IS = 0.10, P = 0.036) ( Table 1) .
Genetic structuring of populations
Overall genetic differentiation between sites was relatively low but significant (F ST = 0.035, F' ST = 0.096, P \ 0.0001). Pairwise F ST (F' ST ) values ranged from \0.001 (\0.001) to 0.137 (0.314) and 13 out of 21 of these comparisons were significant after FDR correction (Table 3) . The Nelson population showed significant levels of moderate pairwise differentiation from all of the other sites (F ST = 0.069 to 0.136, F' ST = 0.159 to 0.314). Out of the remaining populations, Alexandra was not significantly differentiated from any of the other sites except for Twizel (F ST = 0.03, F' ST = 0.088, P = 0.002). The Queenstown and Wanaka sites were significantly differentiated from Waitaki River, Twizel and Lake Tekapo (Table 3) .
The cluster analysis in STRUCTURE suggests that the most likely number of populations was K = 2 using delta K and K = 3 based upon the highest log likelihood. The bar charts for both K = 3 and K = 2 show that Nelson forms a distinct group and that there is a gradual change in composition from Twizel to Queenstown (Fig. 2) . To further investigate the structure of the populations in the central South Island, Nelson was removed (as a clearly distinct population that was isolated by distance) and the analysis was run again. The highest log likelihood was for K = 2 although this was not much greater than the log likelihood for K = 1. The delta K method also suggests K = 2, however this method is not useful when determining if the number of groups is either one or two as it cannot estimate a value for K = 1 (Evanno et al. 2005 ).
Conserv Genet (2016) 17:703-713 707
Spatial pattern of genetic structure
A Mantel test showed significant correlation (r = 0.81, P = 0.005) between pairwise F ST and physical distance between populations, therefore supporting IBD. However, this relationship was no longer significant (Mantel test: r = 0.34, P = 0.08, MDRM: R 2 = 0.13, P = 0.054) when the Nelson population was removed from the analysis. The IBR models were run excluding Nelson to assess the effect of landscape factors on gene flow in the absence of a significant impact of physical distance. MRDM models with single variables showed significant support for IBR using elevation (R 2 = 0.67, P = 0.006) and habitat (R 2 = 0.74, P = 0.005). MRDM models including all three variables or a combination of them suggest that the most predictive factor was resistance due to habitat (Table 4) . Furthermore, habitat was the only predictive variable that was significantly correlated with F ST in the PCNM analysis (Table 5) .
Discussion
We aimed to assess levels of genetic differentiation among populations of B. ruderatus on the South Island, and assess the importance of landscape as a contributor to genetic structure in this declining species. Previous research found no significant differentiation among populations of the more common B. terrestris that were approximately 450 km apart on the South Island (Schmid-Hempel et al. 2007 ). Our results show significant genetic differentiation between populations of B. ruderatus in the South Island. Although the overall F ST was low, it was significantly Of the remaining locations, cluster analysis found that there are most likely two groups, however the bar plots (Fig. 2) suggest that the genetic structure among these locations is a cline of gradual change from Twizel to Queenstown. The population at Alexandra appears to be intermediate, with very low and non-significant pairwise F ST values between Alexandra and both the Waitaki River and Wanaka populations suggesting that there may be relatively high levels of gene flow between these populations. The presence of a cline in the STRUCTURE analysis indicates that these populations are likely isolated by distance. However, we found no support for IBD when excluding Nelson from the analysis, suggesting that landscape features were primarily responsible for the pattern of genetic differentiation between the remaining populations.
As B. ruderatus is heavily reliant upon a small number of introduced plant species as a food resource in New Zealand (Goulson and Hanley 2004; Lye et al. 2010) , we predicted that including habitat information would improve models that predict gene flow for this species. The IBR models show that the best predictor of gene flow was habitat, suggesting that poor habitat with respect to available forage species acts as a barrier to gene flow between populations of B. ruderatus in the central South Island. When compared to habitat, elevation (2233-3 m above sea level) was not as good a predictor of gene flow. Other studies that have used IBR models to predict gene flow for bumblebees found that including elevation did not improve model fit Jha and Kremen 2013b; Jha 2015) . We expect that in this case elevation is also not limiting dispersal and any correlation with gene flow is likely due to a correlation between elevation and habitat (Mantel test: r = 0.9, P \ 0.001). Vegetation at both the low and high-alpine zones is characterised by native grassland leading into sparse cover of high-alpine native vegetation (Mark et al. 2000) so that habitat at higher altitudes would be generally poor for B. ruderatus in New Zealand (Goulson and Hanley 2004; Goulson et al. 2006) .
Our results found that populations of B. ruderatus as far apart as 160 km (Lake Tekapo to Alexandra) showed no significant genetic differentiation. However, other populations \100 km apart (Twizel to Wanaka) were found to be significantly differentiated. Consistent with the genetic structuring of these populations (Fig. 2) , the path of least resistance based on habitat for movement from Lake Tekapo and Twizel was east towards Wiataki River, then along the coastline and back inland through Alexandra into either Wanaka or Queenstown (Fig. 1) . These results suggest that continuous suitable habitat, with respect to the availability of suitable forage species, facilitates gene flow and poor habitat acts as a barrier between B. ruderatus populations on the South Island. Resistance models have been used to significantly improve models of IBD for nondeclining bumblebee species, finding that areas of ocean Jha 2015) and impervious cover (Jha and Kremen 2013a, b; Jha 2015) act as barriers to gene flow at both regional (200 km) and continental scales (1000 km). Resistance surfaces constructed using climatic data suggest that gene flow among populations of B. bifarius is restricted by areas of unsuitable habitat (very dry habitats and bodies of water) at continental scales (Lozier et al. 2013) .
As direct measurements of dispersal suggest queens move between 3 and 5 km from their natal site (Lepais Conserv Genet (2016 ) 17:703-713 709 et al. 2010 ) and males 9.9 km (Kraus et al. 2009) , gene flow over long distances likely occurs as a stepping stone process for bumblebees and therefore requires continuous habitat connectivity among populations. Variation among species in the dispersal ability of queens has been proposed as part of the explanation for the decline of some species while others remain stable (Darvill et al. 2010; Goulson et al. 2011) . For example, the declining B. muscorum has significant genetic structuring among populations separated by [10 km in the UK (Darvill et al. , 2010 . In contrast, populations of the stable B. jonellus as far apart as 104 km in the same study area were not significantly differentiated (Darvill et al. 2010) . Whilst B. ruderatus appears to have undergone a decline in its distribution's range in the South Island (Goulson and Hanley 2004) , overall levels of genetic diversity in B. (Darvill et al. 2010) ]. Our results suggests that although the distribution of B. ruderatus may have declined (Goulson and Hanley 2004) , most remaining populations appear to be stable, or that it is too early to detect any appreciable decrease in diversity due to drift. The reason for the loss of B. ruderatus from some areas in the South Island is unknown, however because this species is heavily reliant on red clover (Goulson and Hanley 2004) , changes to agricultural practises in New Zealand since 1960 leading to a shift away from the traditional use of clover to fix nitrogen in soils (MacLeod and Moller 2006) is likely a contributing factor.
In addition to the direct loss of floral resources from land use change (Goulson et al. 2008; Williams and Osborne 2009) , bumblebee habitat has become more fragmented at the landscape scale (Goulson et al. 2008) . When habitat fragmentation results in the isolation of populations, then they may face an additional extinction threat through inbreeding and associated inbreeding depression, which can seriously influence the persistence of wild populations (Frankham 1995; Keller and Waller 2002; Frankham 2005; O'Grady et al. 2006) . There is some evidence that inbreeding is detrimental to bumblebee fitness (Woodard et al. 2015) . Low levels of genetic diversity in B. terrestris have been linked to small colony size and reduced queen fecundity (Beekman et al. 2000) as well as higher susceptibility to parasites (Baer and Schmid-Hempel 1999) . Sterile diploid male production was found to significantly reduce the fitness of B. terrestris colonies (Whitehorn et al. 2009) .
The Queenstown population has lower levels of genetic diversity when compared to the other populations (Table 1) . This in combination with the detection of a significant inbreeding coefficient (F IS = 0.25, P = 0.007) suggests that the Queenstown population may be at greater extinction risk due to genetic factors than the other populations. Pairwise F ST values and cluster analysis both indicate that Queenstown bumblebees are genetically isolated from the populations further north, with any gene flow likely coming from the Wanaka population. The relatively high pairwise F ST values between Queenstown and Alexandra (F ST = 0.041, F' ST = 0.104, P = 0.025), and Queenstown and Wanaka (F ST = 0.032, F' ST = 0.086, P = 0.039) were non-significant after correcting the P value for multiple comparisons, however this may be to be due to the small sample size for Queenstown after removing siblings (n = 10). Pairwise F ST values between the other central South Island sites that group together in the cluster analyses are comparatively much lower (Table 3) . It is possible that the clustering and elevated F ST values seen for the Queenstown population are the result of elevated drift due to lower effective population size, rather than any reduction in migration. Removing Queenstown from the MRDM analysis resulted in no change in the overall pattern of results, with habitat still markedly improving the model of IBD.
Following introduction to New Zealand in at least one of two release events near Lincoln in Canterbury, B. ruderatus is thought to have spread throughout the South Island rapidly (Macfarlane and Gurr 1995) . The initial number of individuals released for each species is unknown, however comparison of genetic data from the predicted source population in the UK and Twizel in New Zealand suggest the number of founders was most likely 14 (range of 11-46) (Lye et al. 2011 ). We do not know whether the approximately 110-130 generations since the introduction of this species has been long enough for populations to reach migration-drift equilibrium. However, the impact of introduction history alone is not sufficient to explain the pattern of genetic differentiation associated with habitat that we have observed. The genetic structure of B. ruderatus populations in New Zealand therefore likely reflects the history of colonisation and initial range expansion from the introduction area in Canterbury, combined with subsequent gene flow, selection and genetic drift.
Here we demonstrate that a relatively simple classification of the landscape into either good or poor foraging habitat at coarse resolution (800 m 2 ) can predict levels of gene flow between bumblebee populations. Furthermore, we show this for a species for which a large scale population genetic survey would be difficult in its native range in the UK, where it has undergone a significant reduction in its distribution. Our results suggest that conservation management for the long term persistence of B. ruderatus may require corridors of continuous suitable habitat which have been shown to facilitate dispersal (Gilbert-Norton et al. 2010 ) and gene flow (Christie and Knowles 2015) among populations.
